Biodiversity extinction thresholds are abrupt declines in biological diversity that occur with habitat loss, associated with a decline in habitat connectivity. Matrix quality should influence the location of thresholds along habitat loss gradients through its effects on connectivity; however these relationships have seldom been explored empirically. Using field data from 23 independent 1254 ha landscapes in the Brazilian Atlantic Forest, we evaluated how tropical avian biodiversity responds to native forest loss within habitat patches embedded either in homogeneous pasture matrix context (with a high proportion of cattle pastures), and heterogeneous coffee matrix context (with high abundance of sun coffee plantations). We considered taxonomic, functional, and phylogenetic diversity, and tested if matrix type and choice of diversity metric influenced the location of biodiversity thresholds along the forest cover gradient. We found that matrix type postponed the abrupt loss of taxonomic diversity, from a threshold of 35% of forest cover in homogeneous pasture matrix to 19% in heterogeneous coffee matrix. Phylogenetic diversity responded similarly, with thresholds at 30 and 24% in homogeneous-pasture and heterogeneous-coffee matrices, respectively, but no relationship with forest cover was detected when corrected for richness correlation. Despite the absence of a threshold for functional diversity in either matrix types, a strong decline below 20% of habitat amount was detected. Finally, below 20% native habitat loss, all diversity indices demonstrated abrupt declines, indicating that even higher-quality matrices cannot postpone diversity loss below this critical threshold. These results highlight that taxonomic diversity is a more sensitive index of biodiversity loss in fragmented landscapes, which may be used as a benchmark to prevent subsequent functional and phylogenetic losses. Furthermore, increasing matrix quality appears an efficient conservation strategy to maintain higher biodiversity levels in fragmented landscapes over a larger range of habitat loss.
Introduction
Native habitat loss is considered the principal driver of the ongoing biodiversity crisis, particularly in tropical forests (Haddad et al. 2015) . Through a suite of deleterious effects on individual fitness (Foley et al. 2005) , habitat loss causes well-described changes in species richness and community structure (Pardini et al. 2010 , Thompson et al. 2017 . These losses in taxonomic diversity are accompanied by important changes in functional diversity that may significantly impact ecosystem function (Bregman et al. 2014 , De Coster et al. 2015 , Oliver et al. 2015 , and by losses of phylogenetic diversity that may curtail future resilience in both species composition and function (Frishkoff et al. 2014) . From a practical standpoint, understanding how much native habitat is needed to maintain certain biodiversity standards and ecosystem functionality is an applied research imperative (Fahrig 2002, Ficetola and Denoel 2009) .
Both theoretical and empirical evidence shows that the loss of species from a community along a habitat loss gradient is non-linear, and that many communities demonstrate 'extinction thresholds', i.e. minimal habitat amounts below which dramatic species loss occurs (Lande 1987 , Fahrig 2002 . The placement of these extinction thresholds varies across taxa, with estimated species richness thresholds at 30% of native habitat remaining for small tropical mammals (Estavillo et al. 2013) , 30-40% for large tropical mammals (OchoaQuintero et al. 2015) , 18-33% for forest birds (Betts et al. 2007 , Banks-Leite et al. 2014 , Richmond et al. 2015 , and 30-40% for vascular plants (Gonçalves Rigueira et al. 2013, Lima and Mariano-Neto 2014) .
The location of these thresholds depends both on the abilities of species to move throughout the landscapes (Püttker et al. 2011) , and on characteristics of the landscape, such as the number, size and isolation of remaining patches (Villard and Metzger 2014) , both influencing the functional connectivity among habitat remnants (Belisle 2005 , Cornelius et al. 2017 . Particularly, the quality of non-native habitats (matrix) that surround native habitat patches may have significant impact on maintaining functional connectivity through its effects on organismal movement and dispersal between native patches (Driscoll et al. 2013 , Prevedello et al. 2016 , Biz et al. 2017 , by altering the availability of supplementary or complementary resources at the landscape-scale (Dunning et al. 1992) , and by influencing abiotic edge conditions of native patches (Saunders et al. 1991) . As a consequence, the type of matrix strongly influences communities within habitat patches (Gascon et al. 1999 , Sanchezde-Jesus et al. 2016 .
Because of the importance of dispersal processes in determining the location of extinction thresholds at a (meta) population level along a habitat loss gradient, matrix type should influence the location of species richness thresholds at the community level. Matrix types range from structurally simple land-uses dominated by agriculture monocultures to complex and heterogeneous land-uses composed of different crop or vegetation types, which are more similar to native habitat patches (Tscharntke et al. 2007 ). Higher quality and more permeable matrices should facilitate native species movement through the landscape and thus should maintain species in habitat patches at lower levels of landscape-scale native habitat cover than would otherwise be possible, retarding species extinctions and postponing extinction thresholds along the process of landscape degradation (Fig. 1A ). Despite these myriad effects on species persistence in fragmented landscapes (Bender and Fahrig 2005, Kupfer et al. 2006) , the majority of extinction threshold studies do not explicitly include matrix composition in their evaluation (Estavillo et al. 2013 , Banks-Leite et al. 2014 , Ochoa-Quintero et al. 2015 , potentially because of the logistical difficulties in controlling matrix composition in a well-replicated field design.
In addition, existing biodiversity threshold studies overwhelmingly focus on how declining habitat impacts a single measure of biological diversity -taxonomic diversity, defined either as species richness (Estavillo et al. 2013) or as community integrity (Banks-Leite et al. 2014) . However, taxonomic diversity may not be the most effective measurement of diversity, particularly for efforts to understand the relationships Figure 1 . Expected relationships between forest cover and taxonomic (TD), functional (FD) and phylogenetic (PD) diversity of avian communities according to matrix types (A) and diversity metric (B). In (A) we hypothesize that thresholds for all diversity metrics (TD, FD, PD) in homogeneous pasture matrices will precede those in heterogeneous coffee matrices. In (B), we hypothesize that biodiversity thresholds along a forest cover gradient will occur first for TD, followed by FD and finally by PD. between diversity and ecosystem functioning (Diaz and Cabido 2001, Philpott et al. 2009 ). Measures of functional and phylogenetic diversity also contain valuable information regarding ecosystem functioning (Petchey and Gaston 2006) and community evolutionary history (Ricotta 2005) , and may thus be important complements to taxonomic diversity in efforts to identify the consequences of environmental change (Jarzyna and Jetz 2016) . Functional diversity measurements Gaston 2002, Mason et al. 2003) represent proxies for functional traits within a community (Jarzyna and Jetz 2016 ) that compose a major component of ecosystem functioning (Hooper et al. 2005) . Phylogenetic diversity is based on cladistic relationships (Faith 1992) and reflects the evolutionary history of a species assemblage (Webb 2000 , Villeger et al. 2008 , and can similarly be quantified with many metrics (Faith 1992 , Tucker et al. 2017 representing differences among species in terms of form or function (Mouchet et al. 2008) .
Thresholds for taxonomic, functional, and phylogenetic diversity are likely to occur in different amounts of remaining native habitat (Fig. 1B) . Taxonomic diversity should be the most sensitive index to habitat loss, as it is equally influenced by the loss of each individual species (Owens and Bennett 2000, Brooks et al. 2002) . Functional diversity is likely to be slightly less sensitive than taxonomic diversity due to trait redundancy, as species may be lost without losing community-level representation of their traits (Owens and Bennett 2000) . As a consequence, habitat loss might lead to changes in functional integrity, without affecting functional diversity (De Coster et al. 2015) . Finally, phylogenetic diversity should be the least sensitive of the three metrics, as the loss of even several closely related species has relatively little impact on overall phylogenetic diversity (Frishkoff et al. 2014 ).
Here we provide an empirical assessment of the influence of matrix type on taxonomic, functional, and phylogenetic thresholds. We do this through a well-replicated and spatially-extensive sample of avian diversity in 23 independent landscapes from southeastern Brazil, with habitat patches embedded in two distinct matrix types: homogeneous matrices mostly composed by cattle pasture, or heterogeneous matrices with a high proportion of sun coffee plantations. The presence of coffee plantations is often associated to a more permeable and a biodiversity friendly matrix for forest species (Moguel and Toledo 1999, Smith et al. 2015) compared to high-contrasting land uses such as cattle pastures. Even though shaded-coffee are better for biodiversity conservation compared to sun coffee plantations (Perfecto et al. 1996 , O'Connell 2003 , according to a previous study, around 24% of forest-dependent species pool can spillover into sun coffee plantations, while these movements are extremely rare into pastures, occurring only in short-gap crossing events in highly forested landscapes (Boesing et al. 2017a ). We test two related hypothesis: 1) that matrix type is a key factor influencing the placement of thresholds along the forest cover gradient (Fig. 1A) , and 2) that thresholds of taxonomic, functional, and phylogenetic diversity occur in distinct amounts of remaining native habitat (Fig. 1B) .
Methods

Study regions
Data were collected in two study regions of 2000-3000 km 2 each (Fig. 2) , located 90 km apart, and situated within the Brazilian Atlantic Forest, one of the world's most biodiverse and endangered ecosystems (Brooks et al. 2002 , Ribeiro et al. 2011 . The entire study region has a subtropical climate (UNICAMP 2016), with annual mean temperature varying from 11.3°C (minimum, in the colder season April-September) to 27.7°C (maximum, in the warmer season October-March), annual rainfall varying between 1350 and 2000 mm (Pompeu et al. 2009) , and elevation between 700-1700 m (Oliveira and Fontes 2000) . Currently, the majority of the region's remaining tropical forest has been reduced to small fragments ( 50 ha) in different stages of regeneration (Ribeiro et al. 2009 ).
Matrix types
Distinct socio-ecological histories have led to distinct predominant agricultural matrices in the two study regions (details in Supplementary material Appendix 1). The southeast landscapes ( Fig. 2C ) have an agricultural matrix largely dominated by low-productive and unmanaged pastures, owned by small landholders, in which contact with native forest remnants create high-contrasting edges (henceforth homogeneous pasture matrix; Fig. 3A ). In the northwest landscapes (Fig. 2B) , the agricultural matrix is one of the most productive coffee regions in the world (CONAB 2013), composed of a mosaic of pastures, sugar cane, and sun coffee plantations -this later composing an average of 46% of the matrix, and usually located adjacent to forest edges, creating a low-contrast interface (henceforth heterogeneous coffee matrix; Fig. 3B ).
While the landscapes we designated heterogeneous coffee matrices do have a substantial proportion of pastures (46.2  18.8), this remains much lower than the proportion of pastures found in homogeneous pasture matrices (69.7  18.0; t = 5.85, df = 82.09; p  0.001). In addition, arboreal elements are rare in homogeneous pasture landscapes, where eucalyptus plantations represent the only arboreal feature and compose an average of 15  9.8% of matrix cover within landscapes (Supplementary material Appendix 1 Fig. A1e ). Meanwhile, sun coffee plantations compose a substantial proportion of the land use in heterogeneous coffee matrices (41.6  23.9). These differences in land use composition characterize a more homogeneous and high-contrasting matrix in southeast landscapes dominated by pastures, and a more heterogeneous and less contrasting matrix in the northeast landscapes composed by a mix of pastures, sun coffee plantations, and sugar cane ( Fig. 3 ; t = -6.15, df = 87.49; p  0.001).
Landscape selection
We used the landscape selection approach of Pasher et al. (2013) to select independent landscapes that span a gradient of landscape-level forest cover, while controlling for potentially confounding factors. We identified a total of 23 circular landscapes (2 km radius, or 1256 ha), where each landscape was constrained between 800 and 1300 m a.s.l, with ferric red latosol or argisol soil, and in either homogeneous pasture matrix (n = 13) or heterogeneous coffee matrix (n = 10). We excluded major interstate highways and water reservoirs from focal landscapes and maintained a minimum distance of 6 km between the centroid of landscapes. Landuse in each focal landscape was mapped using high-resolution images (ArcGis 10.3 basemap imagery, DigitalGlobe satellites 2010-2011) with a reference scale of 1:5000. Our final focal landscapes within homogeneous pasture matrices ranged from 6 to 54% and within heterogeneous coffee matrices from 6 to 58% of forest cover within the 2-km radius. Landscape-level forest cover did not vary more than 5% within radii of 1, 2, or 3 km based on each landscape's centroid in order to avoid the influence of any larger patch on colonization processes (Pasher et al. 2013 ).
Study sites
To realistically reflect the distribution of forest across fragment sizes within landscapes and encompass both small and large fragments, we used a stratified random proportional design based on the largest fragment size to select the placement of four sampling sites in forest patches within each of the 23 focal landscapes (n = 92). We calculated the percentage of total forest cover represented by the largest forest fragment in each landscape and allocated that proportion of sampling sites to that fragment. For instance, if the largest fragment contained 50% of the landscape forest cover, 50% of sampling sites (n = 2) were located at this fragment, and 50% randomly distributed across the remaining forest fragments larger than 2.5 ha. All sampling sites were spaced a minimum of 800 m apart (1591  621; Fig. 2 ). For each selected forest patch, we randomly selected a point along the forest-matrix interface and placed a sampling site within the forest patch at the end of a 100 m transect (100.92  12.97) always oriented to the center of the forest patch. All selected forest patches were composed of intermediate to advanced forest with a well-established canopy, were free from cattle disturbance and were located within private property.
Bird sampling
In each sampling site, we performed 50 m fixed-radius point count (Blondel et al. 1970 , Bibby et al. 2002 and recorded all bird species detected visually or aurally during a 15 min sampling period. Studies in tropical regions indicate that 10 min point counts are sufficient to record 90% of tropical bird species (Esquivel and Peris 2008) . To be recorded, bird individuals needed to be perched or singing inside the radius of detection: species flying above the canopy or flying through the sample area were not recorded (Bibby et al. 2002) . All point counts were performed in the four hours after sunrise and in the last hour before sunset (Lynch 1995) . Each point count was sampled in different times during the morning and evening periods in order to give the same chance of detection for all species (Esquivel and Peris 2008) . To increase the detectability of more cryptic and rare species, each point count was replicated four times, between January-April and August-November of 2014 (23 landscapes, 92 sampling sites, n = 368 point counts) and both regions were sampled simultaneously. All point counts were performed by the same qualified observer (ALB), and every time some doubt was detected in the field, it was recorded for posterior evaluation and consultant with other specialists in the field. Most of the species records are laid up at:  www.xeno-canto.org/ contributor/ETMICIBVME .
We restricted our analysis to forest-dependent species, as these are the species of conservation concern that predominantly respond to native habitat loss. We consider forestdependent species those species that dependent on forest environments to breeding and survive (Del Hoyo et al. 2014 ). We used Stotz et al. (1996) and Del Hoyo et al. (2014) as baseline for habitat dependency, and we appealed afterwards for a bird expert revision (Scott Robinson, Univ. of Florida) in order to guarantee the quality of our classification. We quantified bird abundance with the punctual abundance index (PAI), the most common index to quantify bird abundance in neotropical regions (Blake 2007) . The PAI was calculated as the number of detections of a given species in a given sampling site, divided by the total number of replicates (n = 4; Blondel et al. 1970 ).
Functional trait selection
We collected information on four ecologically relevant avian functional traits, which should affect individual fitness by influencing growth, reproduction, or survival. Three traits were related to extinction-proneness to habitat loss (body size, clutch size, and nest type), and one trait was related to resource use (measured by diet; insectivorous, frugivorous, granivorous, nectivorous, carnivorous, or herbivorous). For the later, we performed a ranking of intensity of resource use for each species as per De Coster et al. (2015) according to information available from the literature (Sick 1997 , Del Hoyo et al. 2014 ). More details on traits selection and ranking of resources use are available in Supplementary material Appendix 2, and all traits values for each species are available in Supplementary material Appendix 3 Table A3 .
Taxonomic diversity
We defined taxonomic diversity (TD) as the total number of bird species (i.e. species richness) recorded in each sampling site (alpha diversity).
Functional diversity
As different functional traits may have values that span several orders of magnitude, we first scaled trait values to avoid a single trait dominating trait diversity values (Villeger et al. 2008 , Swenson 2014 . We then performed a PCoA ordination to eliminate trait redundancy, and included in our calculation those principal components explaining the majority (more than 95%) of variation. Finally, we estimated functional diversity using Rao's quadratic entropy, which is the sum, across species pairs, of the product of the distance between two species in trait space and their relative abundances (FD; Botta-Dukat 2005). Rao's quadratic entropy is influenced by both species-abundance and differences among species, and it does not correlate with species richness (Botta-Dukat 2005). Functional diversity was calculated using the R 'FD' package (Laliberté et al. 2015) .
Phylogenetic diversity
We calculated phylogenetic diversity using Faith's index (PD) which provides a simple measure of the phylogenetic relatedness of a community based on the sum of all branch lengths in a corresponding phylogeny (Faith 1992 , Thompson et al. 2015 using 'Picante' package (Kembel et al. 2010 ) and the mean of 200 random phylogenetic trees. We obtained phylogenetic trees using backbone trees from BirdTree. org (Jetz et al. 2012 (Jetz et al. , 2014 derived from established deep avian relationships (for further details, see Jetz et al. 2014) . We used the total number of species in the whole observed sampling pool for each region as species pool. Since PD frequently correlates with species richness, we also calculated the standardized effect size (PD ses ) of phylogenetic community (Webb 2000, Pavoine and Bonsall 2011) , which describes the difference between phylogenetic distances in observed communities and null communities where taxa labels were shuffled across the tips of the phylogenetic tree 999 times (Swenson 2014) .
Data analysis
To first explore the behavior of all diversity metrics (TD, FD, PD, and PD ses ) across the two matrix types, we modeled separately each diversity metric calculated in each sampling site (n = 92) as a function of matrix type (heterogeneous coffee matrices and homogeneous pasture matrices) using generalized linear mixed models (GLMM) for TD (using a Poisson distribution and a log link function), and a linear mixed model (LMM) for FD, PD, and PD ses (following data normality and homogeneity assumptions). We included the focal landscape (n = 23) as a random factor to model data dependence within each focal landscape. We assessed phylogenetic signal for all functional traits using Pagel's λ (Pagel 1999) and the 'phytools' package (Revell et al. 2008 ) in order to determine the correlation between species' trait variation and phylogenetic relatedness (Revell et al. 2008) .
To test our first hypothesis that hat matrix type is a key factor influencing the placement of thresholds along the forest cover gradient, we built three predictive models for each biodiversity index (TD, FD, PD, PD ses ) using both linear and non-linear models in order to find the best fit. We built a generalized linear mixed model (LR), a piecewise mixed model (PR), and a null mixed model (Null). Metrics were calculated for each sampling point (n = 92), modeled using appropriate error distributions (Poisson for TD and Gaussian for FD, PD, and PD ses ), and focal landscape identity (n = 23) was used as random factor in all models. To identify the best predictive model, we performed a model selection procedure based on Akaike information criterion (AICc; Burnham and Anderson 2002) , in which we compared AICc model weights across models. We considered those selected models with a ΔAICc below two as having the strongest empirical support. We used R packages 'bbmle' (Bolker 2016) , 'lme4' (Bates et al. 2016) , and 'segmented.lme' (Muggeo et al. 2014) .
For all models, we used native habitat cover at the 800 m radius scale as a predictor variable, as this is the scale most often reported for avian response to fragmentation (Boscolo and Metzger 2009, Banks-Leite et al. 2011 ) and landscape configuration (Lira et al. 2012 ). Additionally, movement data for Brazilian Atlantic Forest birds suggests that most of individual bird movements (85%) occur within a 400 m radius within the same forest fragment, with only 15% of movements occurring at distances up to 1000 m (Marini 2010) . For completeness, we also estimated biodiversity thresholds using forest cover calculated at finer and broader scales (400 and 1200 m), and observed a qualitatively similar response to habitat loss (Supplementary material Appendix 4 Table A4 ).
To test our second hypothesis that thresholds for taxonomic, functional, and phylogenetic diversity occur in distinct amounts of remaining native habitat, we estimated threshold locations as the estimated breakpoints given by piecewise regression models. Piecewise regression models permit the estimation of biodiversity thresholds by splitting explanatory variables (i.e. forest cover) in two or more linear regressions and locating where the linear trends change (Muggeo et al. 2014) . Threshold values and respective confidence intervals were obtained giving several starting points to the piecewise model in order to obtain those estimated values with lowest log-likelihood (Muggeo et al. 2014 ) using the 'segmented.lme' R package (Muggeo et al. 2014 ). All analysis were performed in R (R Development Core Team).
Data deposition
Data available from the Dryad Digital Repository:  http:// dx.doi.org/10.5061/dryad.37s4h  (Boesing et al. 2017b) .
Results
Gamma diversity differed between the two study regions, with homogeneous pasture matrices presenting higher overall forest-dependent species richness (85 species, corresponding to 70% of potential species pool; see details in Supplementary material Appendix 5 and 6) relative to heterogeneous coffee matrices (71 species, 82% of potential species pool).
We found idiosyncratic relationships between matrix type and diversity metrics. TD was significantly higher in patches embedded in heterogeneous coffee matrices (25.12  6.33, β = 3.20, p  0.001; Fig. 4 ), compared to homogeneous pasture matrices (18.3  9.22, β = -0.36, p  0.01; Fig. 4 ) while neither PD nor FD varied significantly between matrices. In general, there was a strong phylogenetic signal among species' trait values (λ  0.67; p  0.01; Supplementary material Appendix 7 Table A7 ), resulting in a moderate correlation between FD and PD in both matrices (r = 0.68 and r = 0.69 respectively; Supplementary material Appendix 8 Fig. A8A ). We also found a non-statistically significant difference in PD ses between matrix types (β = 0.71, p  0.05; Fig. 4) .
We found that different diversity metrics also responded differently to habitat loss. A non-linear relationship with forest cover was found for TD and PD, while no relationship was observed for FD and PD ses (Table 1) . The best fit model for TD in both matrices was the piecewise regression model (Table 1) . In forest patches embedded in heterogeneous coffee matrices, we found a taxonomic threshold at 19.1% remaining habitat (confidence interval; CI: 11.7-23.4), with species loss occurring in a rate of 0.09 species per percent unit of forest cover (c = 0.09) before the threshold and increasing to 0.92 after the threshold (Table 1; Fig. 5A ). In forest patches embedded in homogeneous pastures matrices, the TD threshold occurred at 34.7% remaining habitat (CI: 25.0-43.4; Fig. 5A ), with species loss occurring in a rate of 0.14 species per unit of forest cover before the threshold (c = 0.14) and a more gradual reduction compared to heterogeneous coffee matrices below the threshold (b = 0.51). We noticed that 60% of all bird species in the observed species pool were lost below the threshold in homogeneous pasture matrices, and this value was reduced to 30% in heterogeneous coffee matrices (Fig. 5B) .
The best fit model for PD in both matrices was also the piecewise model (Table 1) with estimated thresholds close to those estimated to TD (24.4% for heterogeneous coffee matrices and 30% for homogeneous pasture matrices; Fig. 5C ), possibly due to the strong correlation between these metrics in both heterogeneous-coffee and homogeneouspasture matrices (r = 0.87 and 0.97 respectively; Supplementary material Appendix 8 Fig. A8B ). Nevertheless, we found no statistical difference (due to a large confidence interval) between thresholds for PD according to matrix type (Table 1) . Phylogenetic diversity in patches embedded in heterogeneous coffee matrices is lost at a rate of 160 030 evolutionary years per unit of forest cover before the phylogenetic threshold (24.4%; CI: 7.04-41.1%), but the rate increases to 165 630 after the threshold. For patches embedded in homogeneous pasture matrices, PD decreases at a similar rate of 271 210 evolutionary years per forest cover unit before the phylogenetic threshold (30.1%; CI: 14-46%) which increases to 283 370 below the threshold (30.1%). Unlike PD, PD ses exhibited no relationship with forest cover ( Fig. 5D ; Table 1) .
Finally, even though most traits showed a moderate phylogenetic signal, and therefore FD could have been expected to behave like PD, no relationship between FD and forest cover was detected (Table 1 ; Fig. 5E ) and the null model was the best selected model. However, there is an evident reduction in FD below 20% remaining native habitat in both matrices (Fig. 5F ). Below 20% of forest cover, seed dispersers, insectivorous, and ecosystem engineers (i.e. species that contribute modifying the environment that most times brings benefits for other species) are reduced by 90, 50, and 65%, respectively, in homogeneous pasture matrices, and by 50, 40, and 40% in heterogeneous coffee matrices (Supplementary material Appendix 10 Fig. A10 ), while birds of prey are completely lost in both matrices. All calculated indexes are in Supplementary material Appendix 9 Table A9. 
Discussion
Our study highlights the importance of matrix type as a moderating factor in the location of extinction thresholds in fragmented landscapes. We also found evidence for a strong influence of matrix type on different diversity indexes. First, for TD, results support our expectations that homogeneous pasture matrices are associated with abrupt diversity loss at higher levels of native habitat. Heterogeneous coffee matrices were able to maintain higher avian taxonomic diversity in forest patches in landscapes at smaller amounts of remaining forest cover than homogeneous pasture matrices. As a result, the threshold for taxonomic diversity occurs at lower amounts of habitat cover in heterogeneous coffee matrices (ca 20%) compared to homogeneous pasture matrices (ca 35%). Secondly, we also found partial support for our hypothesis that TD, PD, and FD are differentially influenced by forest cover loss. However, the order in which each diversity metric is lost appears dependent on matrix type. Across homogeneous pasture matrix landscapes, TD and PD were lost nearly simultaneously (ca 30%), while FD is lost later in the habitat loss process (ca 20%). In Figure 5 . Relationships of taxonomic (TD), functional (FD) and phylogenetic diversity (PD and PD ses ) with habitat loss in studies landscapes within the Brazilian Atlantic forest. In (A) and (C) fitted piecewise regressions for TD and PD respectively according matrix type (heterogeneous coffee-and homogeneous-pasture matrices); (B) indicates TD loss (normalized) in relationship to regional observed species pool, and (D) PD ses according matrix type; (E) FD response to habitat loss, and (F) the mean and standard error of FD pooled according the forest cover gradient and matrix type.
heterogeneous coffee matrix landscapes all diversity indexes seem to be lost at the same time (ca 20%). Finally, even though the null model was the best predictor of FD in both matrices, we found a substantial reduction on FD below 20% of habitat remaining, which has implications for ecosystem functioning. Moreover, null model was also the best predictor of PD ses , suggesting that other factors beyond native habitat cover influence the phylogenetic structure of bird communities in fragmented landscapes. Our study is novel, contributing to the understanding on the importance of matrix type as driver not only of patterns in biodiversity, but also on the location of thresholds along the forest cover gradient in fragmented landscapes. Matrix type could affect diversity within native habitat patches in at least three ways. First, as organismal movements between patches can be affected by land-use types (Ricketts 2001 , Prevedello et al. 2016 , Biz et al. 2017 , matrix composition may rival the importance of remnant patch size and spatial arrangement in maintaining landscape connectivity (Tubelis et al. 2007 , Driscoll et al. 2013 ). Higher-contrasting matrices, such as cattle pastures, can strongly prevent organismal dispersal among patches and consequently increase extinction rates in-patches, while reducing (re)colonization rates (Antongiovanni and Metzger 2005 , Castellon and Sieving 2006 , Neuschulz et al. 2013 , Boesing et al. 2017a . Second, matrix composition also plays important role modulating microclimate conditions at habitat edges (Saunders et al. 1991) , and consequently might influence native species survival and reproductive success (Ewers and Didham 2006) , particularly for the small fragments dominated by edge habitat that are characteristic of landscapes with low native cover. Finally, the matrix surrounding habitat patches often function as a source of additional nesting and foraging resources (Dunning et al. 1992 , Ewers and Didham 2006 , Caryl et al. 2012 ) and regulates the cross-habitat spillover between native and matrix habitats (Estavillo et al. 2013 , Boesing et al. 2017a .
Matrix composition can partially explain the large variation in biodiversity thresholds observed in the literature, varying from 20 to 50% of remaining habitat: higher threshold values (~40-50%) tend to be more associated with low quality matrix, such as pastures around forest habitats (Pardini et al. 2010 , Gonçalves Rigueira et al. 2013 , OchoaQuintero et al. 2015 , while lower thresholds ( 30%) are related with higher quality matrix (usually more heterogeneous and arboreal matrix; Betts et al. 2007 , Richmond et al. 2015 . However, at least in our studied landscapes, once habitat loss reaches a critical threshold around 20% of forest cover, even more heterogeneous and less contrasting matrices cannot postpone diversity loss, and all evaluated diversity indexes are compromised.
Differences in bird community structure in both matrices might explain why the diversity indexes are lost simultaneously in heterogeneous coffee matrices, while TD and PD losses precede FD in homogeneous pasture matrices. Distinct deforestation and fragmentation histories may have lead to higher similarity among communities in patches embedded in heterogeneous coffee matrices compared to homogeneous pastures matrices (Supplementary material Appendix 11 Fig. A11 ). Landscapes with homogeneous pasture matrices are located nearby the CantareiraMantiqueira Mountain forests, which could potentially lead to higher gamma diversity in homogeneous pasture matrices compared to heterogeneous coffee matrices. This higher heterogeneity in bird composition in-patches embedded in homogeneous pasture matrices could explain why TD and PD are lost before FD, as species can be lost without losing functions, while in more homogeneous assemblages (embedded in heterogeneous coffee matrices) all indexes are lost around 20% of habitat remaining. These results also support partially our second hypothesis that TD, PD, and FD are differentially influenced by forest cover loss, at least in homogeneous pasture matrices.
The presence of large remnants in the CantareiraMantiqueira Mountains might influence the relative location of biodiversity thresholds across the two study regions. Specifically, its presence likely makes our results more conservative, because these remnants would likely influencing the fragments positively in the pasture systems. If species are dispersing through these pasture dominated landscapes, in the presence of a constant source of new colonizers, populations would persist longer in those deforested landscapes and we could expect a threshold occurring later in the forest cover gradient. Despite this moderating effect (and the higher gamma diversity in homogeneous pasture matrices that may also be an effect of these remnants), the extinction thresholds occurred earlier in homogeneous-pasture, relative to heterogeneous-coffee landscapes.
Furthermore, our snapshot records of avian species diversity in these human modified landscapes cannot speak to the extent to which extinction debt (Tilman et al. 1994 ) may be operating within this study region. A recent study using birds as model in the Brazilian Atlantic forest demonstrate a 25-yr time-lag in response to habitat loss (Uezu and Metzger 2017) . It is especially the case of forest-dependent species, which are strongly affected by forest disruption due to their low capacity to move through non-habitat areas, and are thus confined to forest patches -even if they do not provide adequate conditions for long-term persistence , Lira et al. 2012 . We might expect a time-lagged response in our study system for at least two reasons: 1) the strongest extinction debt usually occurs at intermediate amounts of habitat remaining (Kuussaari et al. 2009 ) -which encompass the forest cover gradient present in the study region, and 2) the relatively recent deforestation history in the Brazilian Atlantic Forest (Dafonseca 1985) has not yet resulted in any recorded avian extinctions, but a high number of current threated species (Brooks et al. 1999) . However, there is no reason to consider that this time-lagged response is different in homogeneouspasture and heterogeneous-coffee matrices, so the detected differences in biodiversity threshold between matrix types should not be affected by differentiated extinction debts.
Implications for conservation
Our study demonstrates that matrix type strongly affects the diversity of forest bird communities in the Brazilian Atlantic Forest. We demonstrate that, for the same degree of habitat loss, heterogeneous coffee matrix habitat confers additional biodiversity protection. This strong influence of matrix type on in-patch diversity has important implications for conserving biodiversity in fragmented landscapes (Prevedello and Vieira 2010 , Prevedello et al. 2016 , Ruffell et al. 2017 . Increasing matrix quality through land uses that provides substantial resources, facilitates dispersal, and creates lowedge contrast (Kupfer et al. 2006 ) might help to buffer, at least partially, the impacts of native habitat loss.
For practical purposes and despite its simplicity, taxonomic diversity may be an effective 'early warning' index of biodiversity loss in fragmented landscapes, as thresholds in taxonomic diversity precede subsequent functional and phylogenetic losses. Our results also highlight the need to preserve amounts of habitat cover above thresholds (35% in the worst case scenario in a very contrasting matrix) in order to maintain ecosystem functionality. This guideline corroborates other studies that have found similar thresholds (Betts et al. 2007 , Banks-Leite et al. 2014 , Richmond et al. 2015 . Even though this threshold might not save most threatened species from extinction (Banks- Leite et al. 2014) , it might prevent subsequent significant loss of functional and phylogenetic diversity. Importantly, once habitat loss reaches a critical threshold, observed here around 20% of forest left, even high-quality matrices cannot postpone diversity loss, and community integrity is substantially compromised.
As matrix management is constrained by both economic and social factors (Phalan et al. 2011) , effective implementation of matrix management will require an interdisciplinary approach to harmonize biological needs with economic and social demands. In terms of landscape management, it is important to understand how much matrix must be converted to high-quality uses in order to achieve conservation goals (Ruffell et al. 2017) . Although the conversion of large areas of high-contrasting matrices to low-contrasting matrices is often unfeasible due to high opportunity costs, even minor changes to a small proportion of matrix, such as the inclusion of stepping stones (Boscolo et al. 2008 , Saura et al. 2014 , have been shown to be an effective conservation strategy (Renjifo 2001 , Ruffell et al. 2017 . For example, Ruffell and colleagues (2017) showed that in landscapes with an absence of forest plantations in the matrix, 60% of the bird species found in forest remnants were lost by habitat loss. In contrast, when the matrix had forest plantations, this loss was reduced to only 15%. Similar results were found by Rodewald and Yahner (2001) where matrices composed by silviculture were able to maintain more forest-associated species in-patches compared to matrices composed by agricultural lands. We demonstrate that an increase in coffee plantations cover seemed to be enough to postpone species loss, suggesting that increasing landscape heterogeneity by inserting land uses more similar to forest habitat may be an efficient biodiversity conservation strategy. Furthermore, complexstructured mosaics may increase areas of contact between different habitats, which may enhance landscape connectivity and promoting long-term persistence in fragmented landscapes (Metzger 2000 , Perovic et al. 2010 .
Our results support the existence of a regime-shift occurring in avian community structure in heavily-deforested landscapes that is strongly modulated by matrix type, and first detected by taxonomic diversity. We thus highlight the importance of considering matrix quality and investigating different facets of biodiversity when evaluating the impacts of land use change on ecosystems composition and functions.
